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Does microplastic analysis method affect our understanding of 
microplastics in the environment? 
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H I G H L I G H T S  G R A P H I C A L  A B S T R A C T  

• Two methodologies led to different MP 
abundance and MP mass estimates. 

• MP isolation process decides the recov
ery of MPs from the environment. 

• Optical substrates affect MP size and 
mass estimates. 

• MP analysis results differed with 
different analytical technique settings. 

• All three individual steps contribute to 
the conflict of the MP numerical result.  
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A B S T R A C T   

Two analytical methods – both in active use at different laboratories – were tested and compared against each 
other to investigate how the procedure influences microplastic (MP) detection with micro Fourier Transform 
Infrared Spectroscopy (μFTIR) imaging. A representative composite water sample collected from the Danube 
River was divided into 12 subsamples, and processed following two different methods, which differed in MP 
isolation procedures, the optical substrate utilized for the chemical imaging, and the detection limit of the 
spectroscopic instruments. The first instrument had a nominal pixel resolution of 5.5 μm, while the second had a 
nominal resolution of 25 μm. These two methods led to different MP abundance, MP mass estimates, but not MP 
characteristics. Only looking at MPs > 50 μm, the first method showed a higher MP abundance, namely 
418–2571 MP m− 3 with MP mass estimates of 703–1900 μg m− 3, while the second method yielded 16.7–72.1 MP 
m− 3 with mass estimates of 222–439 μg m− 3. Looking deeper into the steps of the methods showed that the MP 
isolation procedure contributed slightly to the difference in the result. However, the variability between indi
vidual samples was larger than the difference caused by the methods. Somewhat sample-dependent, the use of 
two different substrates (zinc selenide windows versus Anodisc filters) caused a substantial difference between 
results. This was due to a higher tendency for particles to agglomerate on the Anodisc filters, and an ‘IR-halo’ 
around particles on ZnSe windows when scanning with μFTIR. Finally, the μFTIR settings and nominal resolution 
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caused significant differences in identifying MP size and mass estimate, which showed that the smaller the pixel 
size, the more accurately the particle boundary can be defined. These findings contributed to explaining dis
agreements between studies and addressed the importance of harmonization of methods.   

1. Introduction 

Microplastics (MPs) are particles between 1 μm and 5 mm in size, 
made from or containing significant amounts of manmade or man- 
modified polymers. They received much attention over the last decade 
due to their potential adverse effects on biota through bio-uptake and 
their potential to enter the food web (McIlwraith et al., 2021; Huang 
et al., 2021; Khalid et al., 2021). The risk of impacting humans via food, 
drink, and air (Rahman et al., 2021) has further contributed to this 
attention. MPs have been studied in many environments, for example, 
terrestrial systems (Rezaei et al., 2022; Corradini et al., 2021), rivers 
(Yin et al., 2022; Zhang et al., 2022), lakes (Bertoldi et al., 2021; 
Molazadeh et al., 2023; Xiong et al., 2022), potable water (Bäuerlein 
et al., 2022; Nizamali et al., 2022), and marine systems (Eo et al., 2021; 
Simon-Sánchez et al., 2022; Yuan et al., 2022). The bulk of the studies 
were conducted in the marine environment, while studies on rivers, 
which are the focus of the present study, have been intensified recently, 
partly because they convey MPs to the marine environment (Blettler 
et al., 2018). 

Quantification of MPs in complex environmental systems has long 
been challenged by a lack of method harmonization (Lusher et al., 2020; 
Primpke et al., 2020a; van Mourik et al., 2021), which has led to dis
crepancies between results. One cause for poor comparability between 
studies lies in differences in MP extraction procedures and analytical 
techniques. 

After sampling, proper sample preparation is needed because of the 
presence of organic and inorganic materials, which might lead to 
misidentification (González et al., 2016). Hence, some pre-treatment 
must be used to remove natural organic material and inorganic parti
cles. One way to separate MPs and organic material is to manually 
remove organic particles after drying the sample (González et al., 2016). 
Another way is oxidation, which achieves a more thorough removal of 
natural organic material. Various concentrations of hydrogen peroxide 
(10–35 %) and temperatures (20–100 ◦C) have been used here (Thomas 
et al., 2020; Phuong et al., 2021). High temperatures will, however, also 
affect some plastics, and are hence not advisable. Hydrogen peroxide 
oxidation alone will only remove part of the organic matter, and enzy
matic digestion is hence commonly included to break down specific 
substances (Löder et al., 2017). Density separation is widely used to 
remove inorganic particles, applying solutions of chemicals such as so
dium chloride (NaCl) (Lin et al., 2018), sodium iodide (NaI) (Katsumi 
et al., 2022), zinc chloride (ZnCl2) (Jiang et al., 2019; Liu et al., 2019a), 
sodium polytungstate (SPT) (Weber and Kerpen, 2022), and lithium 
metatungstate (Eo et al., 2019). The density of the solution is typically 
1.2–1.8 g cm− 3 (Tirkey and Upadhyay, 2021). As most plastics are 
lighter than most inorganic particles, this leads to density differences by 
which plastics can be separated from inorganic particles. 

It is worth mentioning that some studies applied both organic matter 
digestion and density separation (Wang et al., 2020), while some studies 
used only one of them (Zhou et al., 2020). This outlines some major 
differences in common sample preparation procedures. In practice, the 
differences between procedures are even larger, leading to significant 
differences in extraction efficiencies, recovery rates, and the amount of 
residual material, which can hamper chemical analysis (Isobe et al., 
2019). 

Upon sample preparation, extracts are analysed by a variety of 
analytical techniques, including FTIR (Fourier-transform infrared) 
spectroscopy, Raman spectroscopy, Pyrolysis GC–MS, etc. (Huang et al., 
2023; Prepilkova et al., 2022; Primpke et al., 2020a). FTIR spectroscopy, 
the approach used in the present study, can be divided into two main 

groups: approaches that target particles one by one, and approaches that 
create hyperspectral images, which are then interpreted (Primpke et al., 
2017a; Valls-Conesa et al., 2023). The former is primarily utilized in the 
form of attenuated total reflectance (ATR) FTIR, a contact-based tech
nology that demands crystal cleaning after each analysis, causing time 
inefficiencies (Song et al., 2015). Conversely, the latter technique, 
where hyperspectral imaging is mainly performed in transmission mode, 
demonstrates high efficiency in detecting small microplastics (MPs) 
(Corami et al., 2020; Kirstein et al., 2021; Possenti et al., 2021; Ye et al., 
2022). Consequently, the second method was selected in this study. The 
extract, or a sub-sample here of, is transferred to an IR-suited substrate 
on which it is scanned. Substrates are either IR-transmissive filter 
membranes, IR-transmissive windows, or IR-reflective slides. Research 
on the pros and cons of different substrates is currently limited. Many 
researchers prefer filters as it limits the chemical residue. Many have 
used aluminium oxide membranes (Anodisc, Whatman) and found they 
work well within the spectral range from 3800 to 1200 cm− 1 (Löder 
et al., 2015). The limited spectral range is, however, a drawback, and 
silicon membranes have been proposed to circumvent this issue (Kappler 
et al., 2015). While the spectral range benefit is obvious, silicon mem
branes are still not widely used. Another way to get around the limited 
spectral range is using IR-transmissive windows, such as done by e.g., 
Simon et al. (2018). Windows, on the other hand, have the drawback 
that the extract must be free of dissolved organic compounds, which 
otherwise can interfere with the analysis. 

Going further into the FTIR hyperspectral imaging, which is the 
technology chosen for the present work, two main technologies are in 
use: Those using 2-dimensional focal plane array (FPA) detectors versus 
those using linear array (LA) detectors. The FPA detector creates an n ×
n array of spectra, typically with n = 16, 32, 64, 128, or 256. A linear 
array creates a 1 × n array of spectra, often with n = 16. The detectors 
are constructed differently and hence have different pros and cons. Both 
detectors create hyperspectral maps where each pixel is represented by 
an FTIR-spectrum. The spatial resolution depends on the instrument and 
its settings. Interpreting the images, which sometimes consist of quite 
many individual spectra pixels, requires an automated approach. As an 
example, Kirstein et al. (2021) analysed approx. 9.4 million spectra per 
hyperspectral image. This can be done in several ways, typically based 
on some type of machine learning (Primpke et al., 2020b; Wander et al., 
2020). 

However, FTIR in transmission mode is limited in identifying thick 
MPs. Hence, these large MPs are often analysed with ATR-FTIR, which 
can generate high-quality spectra that remain unaffected by particle 
thickness. However, it does require a manual pre-sorting of potential 
MPs, followed by individual ATR-FTIR analysis, again leading to 
extended analysis time. 

The above illustrates that the variation in MP analysis approaches is 
quite large and consists of quite many elements, which all can affect the 
outcome. Making a comprehensive comparison of all possible variations 
seems insurmountable. Instead, the present study takes a pragmatic 
approach by comparing two representative analytical pipelines which 
are in place and routinely used by the two laboratories participating in 
this study. One at Aalborg University, Denmark, and one at Eurofins 
Analytical Services, Hungary. It investigates the impact of two different 
MP isolation procedures, two different IR scanning substrates, and two 
different FTIR microscopes. The pipelines were tested on artificially 
spiked water samples and on environmental samples from the Danube 
River. 

Y. Liu et al.                                                                                                                                                                                                                                      
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2. Materials and methods 

2.1. Sampling 

The sampling was done in Budapest, 47.561 N, 19.070E, in the 
Danube River, Europe’s second-longest river (2857 km) after the Volga 
and one of its most important water systems (Mănoiu and Crăciun, 
2021). To ensure a representative river water sample, samples were 
collected by on-site pressurized fractionated filtration (by pump) on four 
occasions between 15th October and 29th November 2021. There were 
at least 10 days kept between consecutive samplings. The filtration 
apparatus applied three stainless steel filters coupled in series (300, 100, 
and 50 μm) (Bordós et al., 2021), collecting in total (during the four 
samplings) 14.5 m3 of water. Upon collection, the material from all 
filters and all samples were mixed into one composite sample. Addi
tionally, Danube River water (around 5 L) was collected into glass bot
tles during each sampling to be used for recovery tests. 

The particles from the composite samples were transferred from the 
filters into a 2 L beaker, and filtered through a 50 μm sieve, resulting in a 
total concentrated volume of approx. 1 L. The concentrate was divided 
into 12 subsamples by taking aliquots of 5 mL while stirring the sample, 
until all concentrate was divided. The subsamples were divided into 4 
groups (Fig. 1). Three were processed following a method developed at 
Aalborg University (Method A); three were processed following a 
method developed at former Wessling Hungary Kft., now Eurofins 
Analytical Services Hungary Kft (Method B); three were used to conduct 
recovery tests on Method A; while the remaining three were used to 
conduct recovery tests on Method B (Fig. 1). 

2.2. MP isolation procedures 

2.2.1. Method A 
Method A included multiple enzymatic and oxidative steps using a 

10 μm stainless steel filter between steps (Rist et al., 2020). In short, the 

sample was first incubated with protease and cellulase. After that, a 
Fenton oxidation was done to remove the remaining organic matter, 
followed by a size fractionation with a 500 μm sieve. The particles >500 
μm were dried for analysis, and the fraction containing small particles 
<500 μm went to density separation with zinc chloride at 1.70–1.80 g 
cm− 3 to remove inorganic particles. The extracted samples were 
concentrated, stored in 10 mL vials, evaporated, and finally filled with 5 
mL of 50 % ethanol to achieve a known reference volume. The extracts 
were homogenized on a vortex mixer, subsamples taken with a dispos
able glass capillary pipette (50/100 μL) and deposited on Ø 13 × 2 mm 
zinc selenide (ZnSe) windows (Crystran, UK) held in a compression cell 
(Pike Technologies, USA). The windows were dried at 50 ◦C and visually 
inspected under a stereo microscope to check if they were sufficiently 
loaded by particles or more aliquots had to be deposited for the FTIR 
scan. Three windows were prepared and analysed for each sample. 

2.2.2. Method B 
Method B included density separation and oxidation (Mári et al., 

2021). A small-volume glass separator developed by Eurofins Analytical 
Services Hungary (Mári et al., 2021) was employed for density separa
tion with zinc chloride (1.60–1.70 g cm− 3) and the floating part oxidized 
with hydrogen peroxide (30 %) on a laboratory hot plate at 80 ◦C for 1 h 
at 450 rpm without any catalyst. Then the whole sample was filtered 
onto Whatmann Anodisc aluminium oxide membrane filters (Ø 25 mm; 
pore size 0.2 μm, GE Healthcare, United Kingdom). 

2.3. MP identification 

The identification of MPs in the concentrates for both methods was 
conducted by micro–FTIR spectroscopy (μFTIR). However, the de
tectors, manufacturers, and sample substrates differed. 

2.3.1. MP identification by Method A 
The ZnSe windows of Method A were scanned in transmission mode 

Fig. 1. Diagram of MP detection procedure (Mári et al., 2021; Rist et al., 2020).  

Y. Liu et al.                                                                                                                                                                                                                                      
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at a pixel resolution of 5.5 μm using a Cary 620 FTIR microscope (Cary 
FTIR) equipped with a Cary 670 IR spectrometer (Agilent Technologies). 
The microscope used a 15× Cassegrain objective and a 128 × 128 FPA 
(Mercury-Cadmium-Telluride) imaging detector. The image was created 
by 30 co-added scans per sample, while the background was acquired by 
120 co-added scans. The spectral resolution was 8 cm− 1 and the wave
number range 3750–850 cm− 1. A single scan of the entire active surface 
at these settings took around 5 h, resulting in a total of 15 h of scan time 
for the 3 windows. 

All larger particles (>500 μm) were selected, and further imaged 
using a stereoscopic microscope (ZEISS, SteREO Discovery.V8) with 
Axiocam 105 color camera and max. 8× magnification. Then, the 
selected MPs were analysed with a Cary 630 FTIR from Agilent Tech
nologies equipped with a diamond attenuated total reflection (ATR) and 
the spectra were interpreted with the software OMNIC 8.2.0.387 
(Thermo Fisher Scientific Inc., version 1). The software ZenCore 
(Zen2Core SP1 from ZEISS) was used to quantify the particle’s area, 
minimum, and maximum Feret diameter (Chand et al., 2021). 

2.3.2. MP identification by method B 
The Anodisc membranes of Method B were placed on the top of a 

CaF2 window and scanned in transmission mode at a pixel resolution of 
25 μm by a Thermo Scientific Nicolet iN10MX FTIR microscope (Nicolet 
FTIR) using a 15× Cassegrain objective and a 2 × 8 (Mercury-Cadmium- 
Telluride) linear detector. The spectral resolution was 8 cm− 1 and 4 
scans were co-added per pixel, covering the wavenumber range 
4000–1250 cm− 1. At these settings, analysing the entire active surface of 
one such membrane took around 10 h. 

2.4. Comparing individual steps of Method A and B 

2.4.1. MP isolation 
To explore the effect of the MP isolation procedures and the repli

cability of the methodology, recovery experiments were conducted. An 
artificial matrix was prepared to simulate the analysed samples. It 
comprised: Bulk Danube River water (1 L), 50 mg microcrystalline cel
lulose (MCC, Sigma-Aldrich Corporation), and sediment from the den
sity separation of subsamples described in Section 2.1. Danube water 
(Section 2.1) was not MP free, and the MP background concentration 
hence calculated after the analysis of the environmental subsamples 
(Section 2.1); i.e., the measured Danube water concentration was sub
tracted from the recovery results when calculating recovery rates. MCC 
was added to better model Danube water with higher suspended solid 
concentrations experienced during previous sampling campaigns (Mári 
et al., 2021). 

Four different types of MP standard particles (20 particles of each 
type), having different shapes (fragment and fluorescent spherical), 
polymer types (polyethylene (PE) and polyethylene terephthalate 
(PET)), and densities (0.95–1.37 g cm− 3) (Table 1), were selected and 
spiked into 1 L artificial matrix. To better represent environmentally 
occurring MPs (Bannick et al., 2019), the particles were incubated for 
two weeks at room temperature and moderate stirring in Danube River 

water. Three such spiked samples were processed by Method A, and 
three by Method B. After sample preparation, the samples were filtered 
onto steel filters (Method A) or Anodisc filters (Method B). MPs were 
initially counted under an optical microscope (Dino-Lite Edge 
AM4115TL, 10-140× magnification) illuminated with UV light (OP UV 
LED, 365 nm) to identify beads. After the quick recovery measure of 
fluorescently labeled standard beads, samples were analysed by μFTIR to 
determine the recovery of fragments as well. Because there is an overlap 
in the size range between spherical PE (90–106 μm) and fragment PE 
(100–300 μm), all PE particles from 90 to 300 μm were selected during 
recovery analysis with the FTIR. This included both spherical and 
fragment PE. To calculate the recovery for fragment PE, the number of 
PE beads identified by UV light was subtracted from the whole PE count. 
As for the fragment PET, only particles from 100 to 300 μm were 
selected during recovery analysis with the FTIR, as that was the size 
range of standard PET used. 

2.4.2. Optical substrates 
To explore the effect of substrates, same samples were deposited on 

both ZnSe window and Anodisc filter. In summary, Method B samples 
were detected on both Anodisc filters and ZnSe windows, and analysed 
by the Cary FTIR. First, Method B samples were filtered on Anodisc 
filters, and analysed by the Cary FTIR. Then the Anodisc filters with 
samples were placed in three beakers (one per filter) with 50 % EtOH 
and sonicated for 5 min, separately. The particles on the Anodisc filter 
were flushed into the beaker and evaporated into 10 mL vials, upon 
which 5 mL 50 % ethanol was added. After that, subsamples (12–14 %) 
were deposited on ZnSe windows and scanned by the Cary FTIR. 

2.4.3. FTIR settings 
To explore the effect of FTIR settings, same samples using same 

substrates were analysed by FTIR with different settings. In detail, three 
windows loaded with Method A samples and another three windows 
loaded with Method B samples were scanned by both the Nicolet and the 
Cary FTIR. 

2.5. Contamination and quality control 

Cotton lab coats and nitrile gloves were worn to minimize contam
ination during sample preparation. All work was done in a Scan-Laf 
Fortuna Clean Bench (Labogene), and the samples were covered with 
aluminium foil during the whole procedure. For Method A, all glassware 
and filters were muffled at 500 ◦C for 3 h. Chemicals were filtered 
through 0.7 μm glass fibre filters before use. For Method B, glassware 
was flushed with filtered water before use. Some contamination was 
though unavoidable, and three blanks were conducted for each method 
to assess its magnitude. Blanks were analysed using water filtered 
through 0.7 μm glass fibre filters and following the same procedures as 
the samples. 

The limit of detection (LOD) and limit of quantification (LOQ) were 
calculated from the blank values. In line with recommendations by the 
Association of Official Agricultural Chemists (AOAC International), LOD 
was defined as the mean of blanks plus 3.3 times the standard deviation 
of blanks, and LOQ was defined as the mean of blanks plus 10 times the 
standard deviation of blanks (Horton et al., 2021). 

2.6. Data analysis 

The hyperspectral images created by the μFTIR imaging were ana
lysed with the software siMPle (Primpke et al., 2020b). siMPle was 
created in a collaboration between Aalborg University, Denmark (Liu 
et al., 2019b) and Alfred Wegener Institute, Germany (Primpke et al., 
2017b). It compares each pixel of the hyperspectral image to a reference 
library and creates 2D particle images based here on. It can run with two 
analytical pipelines, where the current study used the one described in 
Liu et al. (2019a). Detailed information on the library and applied 

Table 1 
Physical parameters of the standard MPs particles used for spiking.  

Microplastics Color Density (g 
cm− 3) 

Diameter Shape 

PE* Fluorescent red  1.2 90–106 Spherical 
PE* Fluorescent blue- 

green  
0.98 90–106 Spherical 

PE* White  0.95 100-300 Fragment 
PET** Blue  1.37 100-300 Fragment 

Spheres are coming from Cospheric, and fragments were made by cryomilling, 
which is detailed in Bordós et al., 2021. 

* PE – Polyethylene. 
** PET – polyethylene terephthalate. 
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thresholds is given in Table S1. The outcome of the analysis is a list of 
particles (plastics as well as non-plastics) with associated morphological 
parameters and polymer types. Particle mass is estimated according to 
Simon et al. (2018), that is, from the volume of the equivalent ellipsoid 
and the specific density of the polymer. In short: The measured area of 
the particle’s 2-dimensional projection and its maximum Feret diameter 
(its length) is used to calculate the width of the equivalent ellipse. The 
3rd dimension of the equivalent ellipsoid is estimated as 0.6 times the 
width of the equivalent ellipse. This yields a volume estimate, which is 
used to estimate mass by multiplying it with the density of the particle’s 
material type. Fibers were defined as MPs where the ratio between 
major and minor Feret diameters was larger than 3 (Cole, 2016). 

3. Results and discussion 

3.1. Comparison of MP results 

3.1.1. Blanks 
MPs of six different polymer types were detected in the blanks: ac

rylates, polyethylene (PE), polyester, polypropylene (PP), polystyrene 
(PS), and polyurethane (PU) (Fig. 2(a)). Among these, only PE was found 
in Method B blanks, while all were found in Method A blanks. It is worth 
mentioning that more particles were detected in Method A blanks than 
in Method B blanks (Fig. 2(a)), while the average estimated mass of MPs 
in Method B blanks (6.9 ± 11.5 mg) was higher than in Method A blanks 
(0.4 ± 0.3 mg) (Fig. 2(b)). The higher mass observed in Method B pri
marily came from a single large PE particle in one of the three blanks. 
Consequently, there is significant uncertainty associated with the mass 

estimation in Method B blanks. Method A blanks contained MPs in the 
range of 12.5–16.7 items, with an average of 13.9 ± 2.4 MPs (Table S2). 
As a result, the LOD and LOQ of Method A blanks became 21.8 and 37.9 
MPs per sample preparation, respectively. Method B blanks contained 
0–1 MPs, which led to an average of 0.7 ± 0.6 MPs. Hence, the LOD and 
LOQ of blank B became 2.6 and 6.4 MPs per sample preparation, 
respectively. The LOD and LOQ calculations were based on the total 
number, even though the LOD and LOQ differed between polymer types, 
it was chosen only to calculate them for the total number of MPs as the 
numbers in the blanks were too low to yield meaningful LOD and LOQ 
values per polymer type. 

It seemed that Method B had less contamination than Method A. 
However, Method A identified smaller MPs in its blanks than did Method 
B. The reason is partly that the instrument used in Method A had a lower 
size detection limit, and hence could identify smaller particles. The two 
methods also applied different wavenumber ranges, namely 3750–850 
cm− 1 (Method A) and 4000–1250 cm− 1 (Method B). This means that 
Method A covered a larger part of the ‘fingerprint’ region, hence it 
potentially achieving a more secure identification. 

3.1.2. MP concentration in River Danube 
In the river water, Method A detected more smaller MPs, with MPs 

<50 μm accounting for around 30 % (Fig. 2(c-d)), despite the fact that 
the smallest sampling mesh size was 50 μm. These small MPs might be a 
result of aggregation and filter cake formation during sampling (Lorenz 
et al., 2019). Another possibility is that MPs break down during the 
isolation procedure because a magnetic stirrer was used to homogenise 
samples during processing. The stirring might, to some extent, have 

Fig. 2. (a) MP number and (b) MP mass concentration of Method A and B in Blanks. (c) MP number and (d) MP mass concentration estimates based on μFTIR analysis 
of Method A and B in Danube River water. 
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contributed to the breakdown of particles. Since sampled particles, in 
theory, should be >50 μm (based on the applied smallest mesh size), and 
to allow for better comparison between the instruments as they used 
different lower size detection limits, the following discussion is based on 
particles >50 μm (major dimension), unless otherwise explicitly stated. 
The LOD and LOQ in this size range became 13.49 and 29.61, respec
tively. Method A samples held 418–2571 counts m− 3, with an average of 
1184 ± 1204 counts m− 3 (Fig. 2(c)). This is significantly above what was 
reported in a previous study, which found a maximum of 141 counts 
m− 3 in the Austrian part of the Danube (Lechner and Ramler, 2015). The 
difference can partly be explained by the size detection limit of that 
study (500 μm), and maybe also by differences in sample preparation 
and analysis. Method B detected a much lower abundance than Method 
A, namely 16.7–72.1 counts m− 3, with an average of 45.4 ± 27.7 counts 
m− 3. This means the MP abundance measured by Method A was 26 times 
above that of Method B, revealing significant differences in the outcome 
of the two methods. It is worth mentioning that a similar ratio was seen 
between Method A and B blanks. 

The MP mass concentration determined by the two methods also 
showed some difference, but not as pronounced as for the MP abundance 
(Fig. 2(d)). This illustrates the necessity to include both number and 
mass concentrations when monitoring MPs in the environment. Just one 
measure does not yield the full picture. In summary, Method A held an 
MP mass of 703–1900 μg m− 3, with an average of 766 ± 615 μg m− 3, 
while Method B held an MP mass of 222–439 μg m− 3, with an average of 
338 ± 109 μg m− 3. The mass concentration obtained by Method A was 
hence around 2.5 times higher than that of Method B. Such difference 

was also observed within methods, which indicated that the sample was 
not homogeneously separated. Still, the differences between methods 
were more pronounced than that within methods, which addressed the 
contribution of the method on the determination, a finding which also 
corresponds to the study of Simon-Sánchez et al. (2022). 

3.1.3. Composition, size, and shape of MP 
The distribution of MP polymer types in the Danube water differed 

when viewing the results as counts and mass (Fig. 3(a-b)). It also differed 
between the two methods. For the relative proportions of MP counts, PE 
dominated in Method A samples, while PP and PE dominated in Method 
B samples. The relative proportion of MP mass showed that PP domi
nated in Method A samples, while PVC dominated in Method B samples. 

Size connects number and mass, as explained in Section 2.6, and size 
distribution can explain why number and mass data yielded different 
results. Most of the big particles, equalling large mass, were found in 
Method B samples (Fig. 3(c)). This means the same number of MPs in 
Method B samples weighted more than those of Method A, which can 
explain why less difference was found between mass concentrations 
than between number concentrations. This also indicated that Method B 
was better at extracting larger particles than smaller ones. The shape of 
the MPs – characterised as the ratio between major and minor Feret 
diameters – was similar between the methods (Fig. 3(d-e)), with frag
ments dominating for both. 

A Principal Components Analysis (PCA) based on the major dimen
sion, polymer type, mass, and shape (fibre, fragment), showed that there 
were overlaps between samples and methods (Fig. S1)). It showed that 

Fig. 3. Relative abundance of MP m− 3 based on (a) abundance, (b) mass estimates based on μFTIR analysis of MP larger than 50 μm in Method A and B; (c) bubble 
plot representing minor vs major dimension of all detected MPs in Method A and B. Percentage of MP fibers and fragments for the total analysed samples of (d) 
Method A and (e) Method B. (All the calculation based on MPs (major dimension) > 50 μm). 
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the two methods led to differences in number and mass concentrations 
but not in MP characteristics (polymer type and particle shape). 

To explain the difference between the methods, their individual 
steps, covering MP isolation procedures, substrates (ZnSe windows and 
Anodisc filters), and FTIR settings (pixel size and spectrum range) 
(Fig. S2), were examined. There were also more subtle differences be
tween the procedures, for example, the number of coadded scans, and 
the number of scans used to create the background for the FTIR analysis. 
All these differences will affect the outcome of the analysis (Löder et al., 
2015). 

3.2. The effect of MP isolation 

To explore the effect of MP isolation, recovery tests were conducted. 
As mentioned in Section 2.4.1, the beads were counted under an optical 
microscope illuminated with UV light, while the fragments were iden
tified with μFTIR imaging. Comparing recovery rates of the beads versus 
fragments it must hence be considered that the beads covered the effect 
of the isolation procedures, while the fragments also covered the effect 
of substrates and FTIR settings. It furthermore turned out that the matrix 
for the recovery tests caused problems for Method B as the MCC 
(microcrystalline cellulose) was not digested and left a cake on the filters 
(Fig. S3). An additional cellulase step hence had to be included to allow 
these samples to be analysed (Löder et al., 2017). 

In summary, Method A got a higher recovery rate than Method B, as 
shown in Table 2. For Method A, the bead recovery was 87 ± 2 %, and 
the difference in recovery rate between the two bead types was not 
statistically significant (85 ± 5 % and 88 ± 6 %, respectively), and had 
low standard deviation. PE fragments were recovered at a rate signifi
cantly above 100 % and with a quite high standard deviation (177 ± 62 
%). PET fragments were recovered at rates like the PE beads but with a 
quite high standard deviation (83 ± 43 %). The increase in PE fragments 
might be caused by fragmentation (Löder and Gerdts, 2015), which also 
could explain the high standard deviation. It is though unclear what 
caused the high standard deviation for PET fragments. The substantial 
difference between fragment recovery and bead recovery shows that the 
type of standard particles and the identification technique might affect 
the assessment of a procedure’s extraction efficiency. The overall re
covery of beads, however, corresponded well with what Liu et al. (2023) 
found (90 ± 1 %) for marine waters using a similar procedure. 

For Method B, the total beads recovery rate was 58 ± 4 %, which 
corresponded with what Mári et al. (2021) achieved (64 ± 29 %) for a 
similar method, using somewhat larger beads than the present study. 
However, here the recovery of fragments (42 ± 6 %) was lower than for 
beads. 

The results indicated that the MP isolation procedure cannot explain 
all the differences between Danube samples analysed by the two 
methods (Fig. 2), but it is a significant contributor. The results also 
showed that some MPs will be lost during the MP isolation, which 

corresponds with what Isobe et al. (2019) found. Hence the MPs in the 
environment are likely underestimated. The bead recovery, done by 
stereo microscopy and hence not affected by potential biases caused by 
the FTIR analysis, was slightly better for Method A than B, and slightly 
more consistent. The difference was, however, not huge compared to the 
variability between individual samples (Fig. 2). 

3.3. The effect of substrates 

The substrate on which samples are scanned might affect the 
outcome of the analysis. On the Anodisc filters, 16.7–72.1 counts m− 3 

(average: 45.4 ± 27.7 counts m− 3) were found, while 175.8–332.8 
counts m− 3 (average: 247.7 ± 79.3 counts m− 3) were found on the ZnSe 
windows (Fig. 4(a) and (b)). For mass estimates, scanning on Anodisc 
filters yielded 222.4–439.3 μg m− 3 (average: 337.6 ± 109.1 μg m− 3), 
while it on ZnSe windows yielded 151.2–646.2 μg m− 3 (average: 300.8 
± 300.0 μg m− 3). Part of the reason why the mass was approx. The same 
on both substrates while the counts differed, was that the particles 
identified on the Anodisc filters appeared larger (Fig. 4(c)). Another part 
was caused by the mass estimation algorithm of siMPle, which assumes 
the thickness of the particles being proportional to the width of the 
equivalent ellipse (Simon et al., 2018). As volume and hence mass comes 
in the third power of particle dimension, a small increase in particle size 
leads to a large increase in estimated mass. A contributing factor for the 
fewer but larger particles identified on the Anodisc filters was that there 
was a higher tendency for particles, plastics, and natural ones, to 
agglomerate on the filters versus the ZnSe windows (pictures of the 
filters and windows are shown in Fig. S4). On the other hand, scanning 
with an FPA-FTIR on ZnSe windows tends to create an ‘IR-halo’ around a 
particle, making it seem larger than it is. This phenomenon is less pro
nounced for Anodisc filters. 

As mentioned in Section 2.3, compared with the Anodisc filter, ZnSe 
windows only allow the scan of subsamples to avoid overlap between 
particles, and that subsampling for scanning will introduce an unknown 
uncertainty into the above discussions and conclusions. Nevertheless, it 
seems clear that the choice of substrate might well affect the quantifi
cation of MPs. 

3.4. The effect of FTIR setting 

The type of μFTIR imaging system and its settings also affect the 
results, as illustrated in Fig. 5(a). The windows prepared following 
Method A (windows 1–3) yielded 2–3 times more MP when scanned 
with the Cary FTIRs compared to the Nicolet FTIR, while the windows 
prepared following Method B (windows 4–6) yielded somewhat com
parable results when scanned with the two systems. In further detail, 
windows 1, 2, 3, and 6 yielded more MPs when scanned by the Cary FTIR 
compared to the Nicolet FTIR, while the Nicolet FTIR yielded more MP 
mass for windows 2, 3, 4, and 5. These MP number and mass differences 

Table 2 
Recovery result for samples proceed with Method A and B isolation procedures.   

Spherical PE* 
(1.2 g cm− 3) 

Spherical PE* 
(0.98 g cm− 3) 

Spherical recovery rate Fragment PE* 
(0.95 g cm− 3) 

Fragment PET** Fragment recovery rate Total recovery rate 

A 1 18 17 88 % 32 25 143 % 115 % 
A 2 17 17 85 % 49 17 165 % 125 % 
A 3 16 19 88 % 25 8 83 % 85 % 
Average 

rate 
85 ± 5 % 88 ± 6 % 87 ± 2 % 177 ± 62 % 83 ± 43 % 130 ± 42 % 108 ± 21 % 

B 1 14 9 58 % 3 3 15 % 36 % 
B 2 10 12 55 % 11 3 35 % 45 % 
B 3 12 13 63 % 12 0 30 % 46 % 
Average 

rate 
60 ± 10 % 57 ± 10 % 58 ± 4 % 43 ± 25 % 10 ± 9 % 27 ± 10 % 42 ± 6 % 

The original number of each standard MPs per sample is 20 particles. 
* PE - polyethylene. 
** PET- polyethylene terephthalate. 
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might be related to the distribution of the particles on the windows, how 
crowded the windows were, and the potential overlap of particles. For 
windows 4–5, there was no big difference between the results obtained 
by the two systems, which might relate to the fact that only around 10 
MPs were identified on each window and that they hence were quite 
well separated. However, for the windows with many MPs (windows 
1–3 with around 100 MPs each), the MPs lay closer to each other, and 
the differences in pixel resolution of the two systems (5.5 μm versus 25 
μm) made it more likely that two particles close to each other were 
identified as one. This also affects the mass estimate, as it assumes a 
thickness of the MP proportional to its size (Simon et al., 2018). As 
particle mass depends on the product of its three dimensions, one large 
particle of a certain area would hence yield a higher mass estimate than 
several smaller particles which together have that area. A further cause 
for potentially identifying particles as being larger (or smaller) than they 
are, is that particle size comes in steps related to the pixel resolution: The 
smaller the pixel size compared to the particle size, the more accurate 
the particle boundary can be defined. 

3.5. Balancing pros and cons 

It seems unlikely that any of the two methods yield the absolute truth 
of MP content in the samples. Neither would any other analytical 

method. They all give estimates and have advantages and disadvan
tages, as shown in Table 3. For the two investigated examples of 
methods, Method B was much more time- and cost-efficient, while 
Method A was more efficient at extracting MPs from the matrix. MP 
isolation by Method B took only 3 days, while Method A took 11 days 
(Fig. 1). Method B worked well in extracting MPs from the Danube water 
samples but poorly for the recovery test when adding MCC, indicating 
that Method B was inefficient at digesting cellulose, which could be an 
issue for other matrices. There were furthermore several large organic 
particles left after sample preparation (see Fig. S3 (a-c)), which poten
tially could have covered MPs and hereby hampered detection. All in all, 
Method B seemed to work well on comparatively simple matrices but 
was more prone to problems when addressing complex ones. Method A, 
on the other hand, worked well on complex matrices, which however 
came at the cost of being quite time-consuming. It also seemed to be 
somewhat harsher in terms of physically breaking down particles, a 
phenomenon that was observed in the recovery studies. For both 
methods, these issues can, of course, be addressed and solved, however, 
probably at some cost in terms of increased efforts to prepare and 
analyse the samples. 

Regarding the choice of substrates, the Anodisc filter allowed 
flushing after deposition, and could hence better manage dissolved 
residues in the extracts than could the windows. Additionally, these 

Fig. 4. (a) MP Abundance and (b) MP mass concentration of Method B using both Anodisc filter and windows. (c) size distribution of MPs detected on window and 
Anodisc filter. (All the calculation based on MPs (major dimension) > 50 μm. Same sample is labeled with same number, for example, Anodisc 1 and window 1 is the 
same sample). 
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filters possess relatively small pore sizes (maximum 0.2 μm), leading to 
lower filtration velocity and the retention of particles smaller than the IR 
detection limit. Nevertheless, the advantage lies in their cost- 
effectiveness, rendering them well-suited for conducting comprehen
sive studies with a large number of samples (Primpke et al., 2020a; 
Ivleva, 2021). Scanning on windows requires more rigorous removal of 
dissolved residuals in the concentrates. The issue of particle crowding 
remained the same for both substrates, as it was a question of ensuring 
separation between particles. A drawback of the Anodisc filter was that 
it only allows analysing the wavenumber range 4000–1250 cm− 1, which 
meant that part of the fingerprint range was lost (Löder et al., 2015; 
Primpke et al., 2019). The windows, on the other hand, allowed a 
broader range, 3750–850 cm− 1, to be scanned (Liu et al., 2023). 
Regarding the FTIR machine itself and its setting, a lower spatial reso
lution allowed a more precise MP identification, including more MPs to 
be identified. However, the imaging system with the higher spatial 
resolution is also the more expensive one. 

The two methods clearly differ, and which to choose will depend on a 
multitude of factors. Should one go for the simpler and less costly 
approach or for the more complex and resource-demanding approach? 
Do gained data quality benefits justify the increased costs? Sometimes 
the answer will be a yes, sometimes a no. However, what is not up for 
debate is that different analytical methods will yield different results. 
This indicates a strong need for harmonization and standardisation in 
the field of MP sampling and analysis. 

4. Conclusion 

This study investigated the impact of different MP analysis proced
ures and analytical techniques on the quantification of MPs in the 
environment. Two representative methods were applied to analyze 
samples collected from the Danube River, and the results highlighted the 
significant contribution of various steps (such as MP isolation proced
ures, substrate, and FTIR settings) to the outcomes. The results showed 
that Method A yielded a higher number and mass concentration of MPs, 
while Method B was found to be more time- and cost-efficient. The study 
showed that the procedures used can affect the numerical results, and 
the effect of individual steps can vary from sample to sample. The 
findings suggest that the MP isolation procedure can influence MP 
morphology and lead to the loss of particles during the isolation pro
cedure. For substrates, it can be concluded that the samples could be 
analysed on the Anodisc filter in the wavenumber range of 4000–1250 
cm− 1 without interference with chemical residuals, while only sub
samples could be deposited on ZnSe window, which then were analysed 
in the wavenumber range of 3750–850 cm− 1. In other words, this sub
strate required more rigorous removal of dissolved residuals from the 
concentrates. The study also found that different FTIR settings (pixel 
size) can affect the size and number of MPs, and that smaller pixel sizes 
results in easier identification of the real outline of MPs. All these 
findings address the contribution of the analytical methodology to our 
understanding of MPs in the environment and highlight the necessity to 
work towards harmonised methodologies to increase comparability 
among studies. 

Fig. 5. (a) MP abundance and (b) MP mass concentration on window by both Nicolet and Cary FTIR microscope based on the MP number and mass (window 1–3: 
Method A sample; window 4–6: Method B samples). (c) size distribution of MPs detected with Nicolet and Cary FTIR microscope. (This discussion covers all 
size range). 
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Table 3 
Pros and cons of Method A and B.   

Method   

A B  

Time needed for 
analysis − +

Method A required about 12 working 
days for a full analysis, while Method B 
made do with 4 working days. 

Chemicals required − +

Method A needed at least one chemical in 
each step, including different enzymes, 
H2O2, FeSO4, NaOH, ZnCl2, and EtOH, 
while Method B only needed H2O2, ZnCl2 

and HCl. 

Efficiency in organic 
matter degradation +++ −

Method A could remove most organic 
matters, while Method B was limited in 
removing organic matters. 

Recovery rate of MP 
isolation procedure ++ +

Both methods achieved a stable recovery 
rate of reference beads, and the recovery 
rate of Method A was higher than Method 
B. 

Substrate 
transmissivity +++ +

The ZnSe window could cover most 
wavenumbers of the fingerprint area, and 
covered 3750–850 cm− 1, while the 
Anosic filter could only cover 
4000–1250 cm− 1. 

Substrate loading + ++

The ZnSe window only allowed the 
detection of subsamples, while the 
Anodisc filter could load the whole 
sample. 

Residual chemicals left 
on the substrate 

+ ++

Anodisc filters were not prone to dissolve 
residual chemicals as these can be 
washed out. ZnSe windows, on the other 
hand, were rather sensitive to residual 
chemicals as they stayed on the window 
where they could hamper the analysis. 

Particle distribution ++ +

Particles distributed well on ZnSe 
windows and while they overcrowded 
the Anodisc filter. 

FTIR detection limit +++ +

The detection limit of the Cary FTIR was 
11 μm, while that of the Nicolet FTIR was 
50 μm.  
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